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As a global environmental pollutant, mercury (Hg), threatens our water resources and 
presents a substantial risk to human health. The goal of this research project was to evaluate the 
immobilization of Hg on sorbents to reduce ambient Hg concentrations in water leaching from 
contaminated East Fork Poplar Creek (EFPC) (Oak Ridge, TN, USA) soils. Using flow-through 
columns, we determined the potential of different kinds of engineered sorbents (i.e., 
ThiolSAMMS®, biochar, SediMiteTM, OrganoclayTM PM199) to reduce mercury fluxes from 
contaminated EFPC soils. The effectiveness of the sorbents in this experiment was determined 
based on the rate of Hg sorbed and the percentage of Hg removed as compared with the amount of 
Hg applied; i.e., a mass balance. All the sorbents removed Hg to a certain extent, but none of the 
sorbents was able to remove 100% of the Hg to which they were exposed. From all the evaluated 
sorbents, ThiolSAMMS® showed the highest percentage of Hg removed (~87%). A non-reactive 
Br- [bromide] tracer experiment was conducted to determine the hydraulic properties of the sorbent 
columns and to ensure that no flow along the walls or preferential flow occurred. Br- was also 
applied to qualitatively determine how quickly Hg breaks through the sorbent columns, most of 
the sorbents had a Hg breakthrough within the first 3 pore volume (PV). ThiolSAMMS® was the 
only sorbent to have retardation on the Hg breakthrough (7 and 70 PV). To determine mechanisms 
for the Hg uptake by the sorbents, we conducted a set of analyses to identify changes in 
concentrations of chemical constituents entering and exiting the sorbent columns. We noticed no 
difference in pH, anions (Cl [chloride], SO4 [sulfate], NO3 [nitrate]) or metals (Al [aluminum], Fe 
[iron], Mn [manganese] and Si [silica]). We also observed that the concentrations of dissolved 
organic carbon (DOC) were statistically different for biochar and OrganoclayTM PM199. Specific 
UV absorbance (SUVA) showed statistically significant differences for biochar. The differences 
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Chapter I: Introduction 
 
1.1 Mercury Background  
 
Mercury (Hg) is a global environmental pollutant that threatens our water resources and 
poses a substantial risk to human health. Mercury is found in the Earth’s lithosphere as a natural 
element. Natural emission of elemental Hg from the lithosphere to the atmosphere occurs because 
of erosion and volcanic processes. Anthropogenic activities, including mining, industrial use, 
energy production, and fossil fuel combustion have increased the Hg flux into the atmosphere 
(Streets et al., 2011). With a total of 2,000 tons/year of Hg emitted and a cumulative total of more 
than 1.5 million tons as of 2010, Hg emissions from human activities including silver production, 
chemical production, gold mining, and coal combustion have exceeded natural emissions by over 
an order of magnitude (Streets et al., 2017). As a result, Hg concentrations near the surface of 
oceans have increased four-fold over the past 500 years and two-fold over the last century. 
Furthermore, of all releases, North America has experienced the highest impact with a 30% 
increase in Hg releases, followed by Europe with 27% and lastly Asia with 16% increases (Streets 
et al., 2017).  
 
Anthropogenic mercury emissions worldwide have unintentionally impacted lakes, creeks, 
and oceans. Mercury is converted in terrestrial and aquatic ecosystems between various forms, 
which include elemental mercury, inorganic mercuric mercury (dissolved and particulate), and 
organomercurials (e.g., methylmercury). The speciation and concentration of mercury determine 
its level of toxicity, e.g., organomercurials such as monomethyl mercury (MeHg) and 
dimethylmercury (DMeHg) are highly potent neurotoxins. MeHg is typically not released directly 
into the environment; it is formed from natural processes. In the environment, mercuric mercury 
can be converted to MeHg by anaerobic bacteria and archaea (Parks et al., 2013). The highest rates 
of MeHg formation are found in anoxic aquatic environments. MeHg is known to bioaccumulate 
up trophic levels with the highest MeHg levels in long-lived predatory fish. While concentrations 
of MeHg in natural waters can be close to the detection limit, MeHg concentrations in fish tissues 
are orders of magnitude higher as a result of biomagnification. Of the total Hg found in fish about 
95 % occurs as neurotoxic MeHg (Bolan et al., 2014). Consumption of fish is the principal form 
of mercury exposure to humans (Hintelmann et al., 2010). 
 
1.2 Site Background 
 
An example of mercury contamination in an aquatic ecosystem is East Fork Poplar Creek 
(EFPC) in Oak Ridge, TN. Lower East Fork Poplar Creek (LEFPC) flows through the town of Oak 
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Ridge after leaving the Y-12 Nuclear Security Complex. The creek was contaminated with 
mercury during the period of Cold War weapons production beginning in the 1950 and 1960s. 
Mercury was used in the lithium-isotope separation process to produce nuclear weapons (Brooks 
and Southworth 2011, Malek-Mohammadi et al., 2012). During this time, spills and leaks 
contaminated soil and rock, subsurface drainage pathways, and shallow groundwater beneath and 
adjacent to the former process buildings (Malek‐Mohammadi et al., 2012). Approximately 
108,000–212,000 kg of Hg was released to the headwaters of the EFPC, contaminating the 
downstream sediments and floodplain soils (Brooks and Southworth 2011).  
 
Despite significant remediation efforts to remove mercury from the LEFPC floodplain 
efforts between 1996-1997, extensive mercury-contaminated soils and sediments remain in the 
downstream environment. Current scientific investigations focus on the role of historically-
deposited mercury found in floodplain soils, groundwater, bank soils, and sediments, relative to 
present-day mercury releases from Y-12 at the stream’s headwaters. 
 
A series of studies have yielded a better understanding of the concentration, speciation, 
mobility, and bioavailability of mercury in this area. Results from these studies showed that the 
EFPC floodplain soils contained Hg in concentrations up to ~400 mg Hg/kg soil (Southworth et 
al., 2013). Around 85% of the mercury in floodplain soils is mercuric sulfide (Barnett et al., 1997). 
Along the creek side, in the bank soil, higher mercury concentrations have been found, within a 5 
to 46-cm thick dark layer (Peterson et al., 2016). This layer is referred to as Historical Release 
Deposit (HRD), and it contains fly ash, coal fines and a legacy of discrete mercury-rich particles 
mixed with soils. Mercury concentrations in the HRD layer reach up to 4,600 ppm (Peterson et al., 
2016). The HRD can be found at different depths (10 to 122 cm below ground surface), and the 
approximate length of the HRD exposed along LEFPC is around 1,500 m, although it is not clear 
if the layer is continuous. Erosion of the creek bank soils and specifically the HRD soil layer is an 
essential input of mercury to EFPC (Peterson et al., 2016; Watson et al. 2016, 2017). 
 
1.3 Mercury Remediation Approaches  
 
Sorbents are used for the removal of heavy metals from industrial waste streams for in situ 
stabilization. While in situ amendments have been successfully demonstrated for organic 
contaminants (Gosh et al., 2011), large-scale applications of amendments for mercury remediation 
are still limited. Studies focused on developing technologies for mercury remediation involved the 
use of different sorbents (carbon-based, silica-based, organoclay class and brass) for example, 
different sorbent materials were used to test their viability as a remediation technology for the 
South River, Virginia (Liu et al., 2017, Liu et al., 2016, Paulson et al., 2018). Ideally, sorbent 
application should result in stabilization of contaminants, reducing bioavailability for mercury 
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methylation and bioaccumulation (Gilmour et al., 2013, Gomez-Eyles et al., 2013). The most 
promising technologies to date are based on activated carbons and biochars (Beesley et al., 2010, 
Ghosh et al., 2011, Asasian and Kaghazchi, 2012, Gomez-Eyles et al., 2013). In addition, many 
engineered sorbent materials based on mineral or polymer scaffolds with high surface areas and 
functionalized with reactive ligands to capture metals from solution have been developed (Chen 
et al., 1999, Crockett et al., 2016, Say et al., 2008). Activated carbons and biochars that can be 
produced from renewable, low-cost biomass feedstocks show low inherent toxicity (Jonker et al., 
2009, Janssen and Beckingham, 2013), and effectively reduce the diffusive flux of contaminants 
into the water column. It has been shown that reducing pore water concentrations of mercury and 
methylmercury results in lower bioavailability to organisms (Gilmour et al., 2013). Also, natural 
organic matter (NOM) and sulfidic species may compete with sorbents for the binding of Hg and 
MeHg, which can have a significant impact on the effectiveness of a sorbent treatment (Johs et al., 
submitted).   
 
The potential for sorbent amendments to minimize Hg flux from residual sources in 
freshwater ecosystems was investigated in detail (Johs et al. submitted). Sorbent amendments are 
considered a low-impact, low-cost approach for the stabilization of leachates from contaminated 
soils and sediments like EFPC. Multiple categories of sorbents were recently evaluated for Hg 
adsorption including brass mesh, functionalized materials (chemical addition of functional groups 
to the surface), and carbon-based products (Dickson et al., 2018). For the carbon-based materials, 
biochar and SediMiteTM were used; for the functionalized group ThiolSAMMS, OrganoclayTM 
PM199 and Organoclay MRM were used.  
 
The Kd results showed a wide range for the carbon-based materials where Kd ranged from 
126 to 1421 mL/g and varied widely amongst the different types of sorbent media tested (Johs et 
al., submitted). The mercury-binding capacity of ThiolSAMMS® was the greatest of all sorbents 
tested (Johs et al. submitted).  Therefore, it is possible that ThiolSAMMS® could be applied in 
areas contaminated with very high amounts of mercury, i.e., so-called hot spots. However, this 
engineered sorbent material is the most expensive. Some of the sorbents tested were found to 
release significant amounts of anions especially sulfate, which was released by OrganoclayTM 
MRM and SediMiteTM. Sulfate may restrict the potential deployment of these sorbents as 
amendments or inclusions in engineered structures because the presence of sulfate-reducing 
bacteria facilitates the methylation process (Gilmour et al., 1992). Based on the results (Johs et al., 
submitted), the study authors concluded that carbon-based materials (biochar and SediMiteTM) are 
the most promising candidates for sorption of Hg (II) in freshwater systems using measurements 
of partition coefficients (Kd), sorption isotherms, anion release, potential toxicity to organisms, 






1.4 Evaluation of Biochar for Remediation of a Contaminated Site at the South 
River 
 
Sediment and floodplain soil from the South River watershed in Virginia contain elevated 
mercury concentrations (Paulson et al., 2014). This contamination is due to a textile manufacturing 
plant that discharged Hg waste into the South River. This mercury has been mobilized downstream 
as a result of erosion and deposition. To evaluate the potential removal of Hg and MeHg from 
sediment pore water, the author's experiments consisting of two columns connected in series 
(Paulson et al., 2014). The first column contained Hg-bearing sediment, using as the influent the 
South River water as a source of Hg for the column. The first column effluent was connected to a 
treatment column which contained biochar and silica sand. This treatment column was loaded with 
Hg, disconnected, and then subjected to new influent solutions consisting of river water and 
simulated acid rainwater. A decline in the dissolved Hg concentrations was observed in the biochar 
column.  
With low-Hg river water as the influent solution, there was no observed release of Hg from 
the biochar with concentrations remaining near background values. With simulated acid rainwater 
as an influent solution, there was a brief increase of Hg before returning to background levels. 
These results (Paulson et al., 2014) suggest that Hg-binding to the biochar was sufficiently strong 
to prevent the release of Hg under aqueous chemistry conditions representative of clean river water 
and simulated acid rainwater. Total Hg extractions on the biochar column material at four locations 
suggested that most of the Hg in the column resided in the first 5 cm of material with a maximum 
of 0.26 µg/g dry weight in the 2 cm closest to the influent (Paulson et al., 2014). Mercury sequential 
extraction (Bloom et al., 2003) found the majority (67%) of the elemental Hg on the biochar was 
removed with 12 M HNO3, and 31% with 0.1 M KOH, indicating high affinity for Hg by the 
biochar, therefore the immobilization of Hg is expected to be permanent (Paulson et al., 2014).  
 
1.5 Research Objectives 
 
Both case studies summarized above (sections 1.3 and 1.4) were used to establish the methods 
used in this project. Our goal is to reduce ambient aqueous Hg concentrations leaching from 
contaminated EFPC soils by determining the effectiveness of variously engineered sorbents which 
can immobilize total mercury, taking in consideration capacity and efficiency. The potential of 
different kinds of engineered sorbents to reduce the mercury from contaminated EFPC soils was 
investigated. For our study case, we decided to use four of the most promising sorbents using the 
sorbents with the higher Kd values (Johs et al., submitted). The sorbents used were ThiolSAMMS
®, 
Biochar, SediMiteTM, Organoclay TM PM199, and sand as a control. The hypothesis was that the 
mercury released from the soil column would be captured on the sorbent column until the sorbent 
reached its maximum capacity. 
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Chapter II: Materials and Methods 
 
2.1 Sample Collection 
 
Streambank soils were collected from one creekbank of EFPC in July 2017. The samples 
were collected from within the HRD at EFK 18.49, where EFK stands for East Fork, and the 
number designates the creek km measured from the mouth of the creek. At this location, the HRD 
was 14 inches thick and was located 12-26 inches below the ground surface. The soil samples were 
mixed, homogenized and stored in a cold room until use. An acid digestion procedure, described 
below, was performed to determine that the initial concentration of the soils was 1,158 ± 534 mg 
Hg/kg dry weight (mean ± standard deviation). 
 
2.2 Engineered Sorbents  
 
We used three different classes of engineered sorbents including functionalized 
mesoporous silica, functionalized clays, and carbon-based materials (Table 1). From the first 
sorbent class, ThiolSAMMS®, manufactured by Steward Environmental Solutions, LLC 
(Chattanooga, TN, USA) is a thiol-functionalized self-assembled monolayer on a mesoporous 
silica support sorbent (Chen et al., 1999). OrganoclayTM PM199 belongs to the second class, and 
it is a functionalized bentonite-based clay manufactured by CETCO® (Hoffman Estates, IL, USA). 
OrganoclayTM PM199 is a proprietary granular adsorption media effective in removing oils, 
greases other non-aqueous phase liquids and other dissolved high molecular weight/low solubility 
organics (http://www.cetco.com).  
 
For the carbon-based class, we used SediMiteTM and biochar manufactured by Sediment 
Solutions, LLC (Ellicott City, MD, USA) and Biochar Now, LLC (Loveland, CO, USA), 
respectively. Biochar is the result of the burning of biomass via pyrolysis which results on biomass 
with a higher amount of carbon (Lehmann et al., 2007). The properties of biochar that facilitate 
the removal of heavy metals such as functional groups, pore size and surface area of the particles 
are defined by the parent (hardwood) material used and the temperature of pyrolysis (Park et al., 
2011). Oxygen-containing carbon bonds (carbonyls) are the functional groups in biochar that serve 
as the electrostatic source for metal removal, resulting in a decrease in mobile Hg concentrations 
(Zimmerman et al., 2010). 
 
 Biochar offers an extremely cost-effective solution to bind toxins and prevent their 
leaching into surface and groundwater. The biochar was made from Colorado pine converted by 
slow pyrolysis with 95-98% of volatile organic compounds removed (http://www.biocharnow 
.com). SediMiteTM is described as a low-impact method, preserving or closely mimicking the 
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site’s natural conditions, for delivering activated carbon to contaminated sediment for in situ 
remediations. It is a combination of activated charcoal, bentonite, and sand (Johs et al., 
submitted). Activated carbon delivered via SediMiteTM can efficiently bind persistent, 
hydrophobic sediment pollutants such as PCBs, PAHs, dioxins, furans, mercury, and 
methylmercury (http://www.sedimite.com). We also used IOTA® quartz sand manufactured by 
Unimin Corporation (New Canaan, CT, USA) as a control. We used 0.1M HCl to clean the sand 















Table 1: Evaluated sorbent materials 
Class of Materials Sorbent Type 

















Functionalized bentonite-based clay 1.0 CETCO 
Carbon-based 
SediMite™ 
Activated charcoal, bentonite, and 





Natural charcoal from Colorado pine 
converted by slow pyrolysis 







2.3 Column Experiments 
 
Laboratory-scale soil columns were used to mobilize mercury from contaminated 
creekbank soils. Effluent from the soil columns was introduced into columns constructed of the 
engineered sorbents designed to accumulate Hg (Figure 1). There were eight soil columns, eight 
sorbent columns consisting of four sorbents each in duplicate as well as two control sand columns. 
The soils were packed into acrylic flow cells manufactured by Soil Measurement Systems (Tucson, 
AZ, USA), having an inner diameter (ID) of 7.5 cm and a length of 26.7 cm. The columns were 
packed in layers by adding 2 cm of moist field soil and lightly pressing the soil to ensure even 
distribution. A small amount of clean, acid-washed quartz sand was used for the bottom and top 
layer to ensure even distribution of influent. 
 
After construction, the columns were purged with CO2 for 10 min from the bottom to 
displace air inside the column and inhibit the formation of air bubbles that can cause preferential 
flow (Xue et al., 1997).  For the influent solutions, we used a recipe (Table 2) for artificial creek 
water (ACW) designed to mimic the solution chemistry of EFPC. Soil column influent solutions 
were connected to a modular infusion pump Deltec® 3000 (Smith Medical MD, Inc. St. Paul, MN, 
USA) to introduce the ACW to the column at a flow rate of 5 mL/hr at the bottom. After saturation, 




    
 Figure 1: Column Experiment Setup 
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Mg (NO3)2 6H2O 0.4957 
Ca (NO3)2 4H2O 1.0355 
 
 
Sorbent and sand columns were constructed at the University of Tennessee using acrylic 
for the column, and PVC for the endcaps. Sorbent columns were similar in design to the soil 
columns, only having an inner diameter (ID) of 2 cm and a length of 9 cm. The columns were 
packed by slowly adding each sorbent or sand, tapping the columns along the way to accommodate 
the sorbent and minimize the formation of open pores. Sorbents were not sieved or measured for 
a specific size range. For the SediMiteTM columns, we reduced clogging by using a 2 cm layer of 
sand at the bottom, followed by a 4 cm layer of Sedimite, mixed with sand to eliminate any void 
space and another 2 cm layer of sand (1:1). SediMiteTM turns into a fine powder and increases its 
surface area when in contact with a liquid. For this reason, we left the last centimeter of column 
empty, to prevent any clogging by the expansion of the sorbent. Saturation followed the same 
procedure as the soil columns.  
After construction and saturation, the sorbent and sand columns were attached downstream 
of the soil columns, so that the mercury-contaminated effluent leaving the soil columns was 
introduced at the bottom of the sorbent and sand columns. A three-way valve was emplaced at the 
effluent end of the soil columns to facilitate analyses of column effluents.  
After the experiments were complete, the columns were dissembled for measurement of 
bulk density and porosity, which were used to calculate the pore volume of each column. Bulk 
density (ρB) is the weight of soil in a given volume: 
 
𝜌𝐵 =
𝐷𝑟𝑦 𝑆𝑜𝑖𝑙 𝑊𝑒𝑖𝑔ℎ𝑡 (𝑔)
𝑆𝑜𝑖𝑙 𝑉𝑜𝑙𝑢𝑚𝑒 (𝑐𝑚3)   




 For the soil column we dried the soil for two days in an oven at 70˚ C. After the soil was 
dried we measured the dry soil weight, and with the soil volume inside the column, we determined 
the ρB of each soil column. Porosity (ϕ) is the measurement of void spaces in a material: 
 
𝜙 = 1 −
𝜌𝐵
𝜌𝑃
                (2) 
 
The density of the particle (ρP) is assumed to be 2.65 g/cm
3 for our soil columns. On the 
other hand, for our sorbent columns, we did not know the ρP, so we used the following equation: 
     𝜙 =
𝑉𝑊
𝑉𝑇
                   (3) 
For the porosity of the sorbents, we determined the water volume (VW) by weighing the 
column packed with the dry and saturated sorbent. Using the volume of the column (VT), we 
determined the porosity of each sorbent.  
 
2.4 Sample Collection  
 
Sample collection points for each set of soil-sorbent columns were at the effluent end of 
the soil column and the effluent end of the sorbent column. Effluent solutions were collected into 
a beaker to determine effluent volume as a function of time by weighing the solution. Samples for 
analyses were collected every day or every other day by diverting the flow into sample collection 
tubes of either seven mL or 50 mL. The seven mL samples were collected daily for analyses of 
mercury. The 50 mL samples were collected approximately every two days for analyses of pH, 
specific absorbance at wavelength 280 nm (SUVA), dissolved organic carbon (DOC), anions, and 
metals. A 5 mL aliquot was separated for pH and anions. To preserve the samples for DOC, and 
SUVA analyses, 0.2 mL of 12 M HCl was added to a second aliquot; for metals analyses, 0.015 
mL of 16 M HNO3 was added to a third aliquot. All samples were refrigerated until analysis.  
 
2.5 Nonreactive Tracer Experiments 
 
We performed a nonreactive tracer experiment in one of each duplicate sorbent and sand 
columns using bromide (Br-) to quantify the basic hydraulic properties of the columns and to 
ensure that no bypass flow occurred along the walls of the columns (Mayes et al., 2003). The 
columns were saturated with ACW for an hour using a flow rate of 20 mL/ hr. The column was 
connected to a 3-way valve to make an instantaneous switch from the ACW to a solution of ACW 
and 10 mg/L Br- as KBr. Bromide flowed through each sand and sorbent column for two hours, 
and effluent samples of 2 mL each were collected using a Spectra/Chrom® CF-2 fraction collector 
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(Spectrum Chromatography, Houston, TX, USA). After 2 hours, the column was re-connected to 
the ACW to allow all of the applied Br- to elute, while still collecting samples with the fraction 
collector. To improve the estimation of the transport parameters we used CXTFIT to quantify the 
hydraulic and geochemical transport parameters inside the columns using the convective-
dispersive (CDE) equation (Parker et al., 1984). CXTFIT is used for tracer experiments that help 
reduce the uncertainty and add more sensitivity to data analysis functions to obtain a more accurate 
estimation of the transport parameter (Tang et al., 2010).  
 
Some of the known parameters (inputs) (Table 2) that are in the CXTFIT code are the 
average pore velocity v [cm d-1], dispersion coefficient D [cm2 d-1], and the pulse volume T0 [-] 
(Tang et al., 2010). These parameters are dependent on effective porosity θ [-], Darcy velocity q 




  (4) 




  (6) 
The CDE transport model is dependent on initial and boundary conditions, resident 
concentrations in the pore water C [mL-3], first-order decay coefficient µ [T-1], production rate γ 
[mL-3T-1], X is the distance from the column inlet, and T is the time. The CDE transport model is 










− 𝜇𝐶 + 𝛾  (7) 
The dimensionless non-equilibrium transport model, including the mobile and immobile 
















= 𝜔(𝐶𝑚 − 𝐶𝑖𝑚) (9) 
 
The reduced aqueous concentrations in mobile and immobile (pores where the fluid is 
transported or retained (Geiser, 2015)) sites are Cm and Cim, β and ω represent the mobile water 
fraction and dimensionless mass transfer coefficient respectively, and X and T are the 
dimensionless position and time (Toride et al., 1995). CXTFIT Excel estimates equilibrium or non-
equilibrium parameters using a non-linear least squares method (Tang et al., 2010). As a result of 
model fitting, we obtained the dispersivity (λ), retardation factor (R), mobile water fraction (β) and 




(𝑅 − 1) 𝜃
𝜌𝑏
  (10) 
𝛼 =
𝜔 𝑣
(1 − 𝛽)𝑅 𝐿
  (11) 
𝐹 =
𝛽(𝜃 + 𝜌𝑏 𝑘𝑑)
𝜌𝑏𝑘𝑑
  (12) 
Using the outputs of the CDE we were able to calculate the mobile fraction of water (F), 
and the mass transfer coefficient (α) [hr-1] between the mobile and immobile fractions. 
 
2.6 Solution Analyses 
 
Samples were analyzed for pH using a benchtop pH meter OrionTM Dual StarTM (Thermo 
Scientific, Waltham, MA, USA). Specific UV absorbance (SUVA) at 254 nm wavelength is an 
indicator of the degree of aromaticity (Weishaar et al., 2013) and was measured using a Cary 60 
UV-Vis Spectrophotometer (Agilent Technologies, Santa Clara, CA, USA). Dissolved organic 
carbon (DOC) was measured using a total organic carbon analyzer TOC-L CPH (Shimadzu Co. 
Kyoto, Japan). Concentrations of anions were measured using a reagent-free ion chromatography 
system DionexTM ICS-2100 (Thermo Scientific, Waltham, MA, USA) metals concentrations were 
measured using an inductively coupled plasma mass spectrometer ELAN 6100 (PerkinElmer Sciex 
Instrument LLC, Norwalk, CT, USA).  
 
The Lumex RA-915+ mercury analyzer (Cleveland, OH, USA) was used to measure total 
Hg. This instrument works using the principle of atomic absorbance spectroscopy using cold vapor 
method and a 253.7 nm wavelength light source. To analyze our samples, we added 2M BrCl to 
quantitatively oxidize mercury in the sample to the Hg (II) state; we placed the samples in a glass 
vial with deionized water (DIW) and SnCl2 and connected the vial to the Lumex RA-915+. The 
SnCl2 is used as the reductant of the mercury, allowing us to measure total Hg in the sample. The 
samples were analyzed in duplicates to have a more accurate result.  
 
The Br samples were analyzed using the UV-Vis spectrophotometer using a colorimetric 
assay adapted from Lepore (2009). Two stock solutions were prepared; 2.45 mM chloramine 
trihydrate (CT) and 1.63 mM phenol red (PR) (Sigma Aldrich (St. Louis, MO, USA)). A buffer 
was prepared to consist of 0.5 M of sodium acetate, 0.5 M of glacial acetic acid, and 12.32 mM of 
ammonium acetate adjusted to pH 4.6. The buffer and phenol red (PR) stock solutions were mixed 
immediately 1:1 before use. In a 1.5 mL microtube, 870 L of the Br standard or sample was added 
to 65 L of the PR-buffer mixture, followed by addition of 65 L of CT and 30-minute reaction 
time. The solution was transferred to a one mL cuvette and analyzed at 590 nm. Statistical analysis 
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were performed with Excel’s data analysis function using a t-test with a significance level of p = 
0.05. 
 
2.7 Solid Phase Analysis 
 
After the experiments were complete, the sorbent and control sand column materials were 
sectioned by cutting the columns in half and collecting duplicate samples from the middle, top, 
and bottom of the columns. The samples were freeze-dried and ground. The analysis was 
performed in duplicate for each section, using ~0.4 g of the sorbent material. Samples were 
digested in aqua regia (HNO3: HCl = 10:3, v/v) (Bloom et al., 2003). We slowly added 10 mL of 
16 M HNO3 to the sorbent/sand sample in a 40 mL vial. After gently swirling the sample to 
dislodge the sediment/sand, 3 mL of 12 M HCl was slowly added, and the vials were loosely 
capped. We left the samples to digest overnight at room temperature then diluted to 40 ml with 
















Chapter III: Results 
 
3.1 Rate of Hg Sorption 
 
Laboratory-scale soil columns were used to mobilize mercury from contaminated 
creekbank soils. Mercury-containing effluent from the soil columns was introduced into the 
engineered sorbent columns and to control sand columns. Effluent samples were collected from 
the sorbent (or sand) columns and soil columns.  Total mercury concentrations were measured for 
all soil, sand and sorbent columns for the first hundred pore volumes using a fraction collector that 
allowed us to obtain precise volume and concentration estimates for the earliest part of the 
breakthrough curves.  
 
Breakthrough curves help illustrate the precise volume of water volume during which Hg 
started coming out of the columns. We performed a nonreactive tracer experiment in the sorbent 
and sand columns using bromide (Br-) to quantify the basic hydraulic properties of the columns, 
i.e., the rate of migration of a nonreactive chemical in water (Mayes et al., 2003). 
 
 Using a transport model of the convective-dispersive equations (CDE), we estimated the 
hydraulic transport parameters for the sorbent/sand columns to determine whether any bypass flow 
occurred. Bypass flow would imply that the Hg did not adequately react with the sand/sorbents, 
so it is essential to confirm the absence of bypass flow. Combining the results from these analyses 
we have a better understanding of the rate of Hg transport in comparison to the rate of the 
nonreactive Br- tracer.  
 
The next set of figures illustrates the breakthrough curves of Hg released from the 
sand/sorbent columns. We visually compared the breakthrough curves with the Br- tracer 
experiment to qualitatively understand the rate of mercury sorption onto the sorbent and sand 
columns in comparison to the Br- tracer. There was an insufficient volume of sample collected for 












3.1.1 Transport Modeling 
 
 Parameters for the CDE, including the average pore velocity and pulse volume were 
calculated using the effective porosity of each sorbent column (Table 3). The mobile/immobile 
site version of the CDE provided improved fits compared to the one-site version (mobile/immobile 
fits are not shown).  The mobile water fraction and mass transfer coefficient are the outputs of the 
fitted model using the mobile/immobile version of the CDE. From the outputs of the CDE (Table 
3), we obtained the dispersivity and the mobile water fraction of each sorbent.  
 
Sand and biochar had a higher fraction of mobile water with 0.94 and 0.97, respectively. 
ThiolSAMMS® has a mobile fraction of 0.47 and SediMiteTM a 0.56. Regarding the dispersivity, 
ThiolSAMMS® and biochar had similar values, with 0.30 cm and 0.34 cm respectively.  
 
Sand had the smaller dispersivity with a value of 0.10 cm. SediMiteTM showed the higher 
dispersivity with 0.54 cm. For the retardation factor (R), we used trial and error to obtain a good 
visual fit for Br-. In term of the retardation factor, SediMiteTM had the highest value of 1.70. On 
the other hand, ThiolSAMMS® had the smallest retardation factor of 1.40. Sand showed retardation 







Table 3: Convective Dispersive Equation Parameters and Outputs. Note that the italicized font represents the inputs 























Sand 0.51 12.59 2.96 22.56 0.10 ± 0.03 0.94 1.55 
ThiolSAMMS® 0.89 7.14 1.76 0.19 0.30 ± 0.06 0.47 1.40 
SediMiteTM 0.62 10.19 2.40 0.74 0.54 ± 0.12 0.56 1.70 
OrganoclayTM 0.67 9.45 - - - - - 





3.1.2 Sand Columns 
 
For the experiments performed, sand columns were used as controls. Each sand and sorbent 
column was set up in duplicate; the Br- tracer experiment was conducted in one of the duplicate 
columns. Rates of Hg and Br- were measured using pore volume (PV) which represents the volume 
eluted (ACW) over the volume of solution from the sorbent/sand column. For the tracer 
experiment, we used relative concentration, which is the concentration of the tracer in the effluent 
over the initial concentration (CEff/CIn) to represent Br
-.  
 
In the sand column, mercury was released within the first two pore volumes, indicating that 
sand is not an efficient sorbent. For the Br- tracer experiment we fitted the CDE to the data with 
measured values of average pore velocity (v), porosity (θ) and pulse volume (T0). Retardation 
factor and pulse duration were fitted. Hg had a nearly simultaneous, within the first two pore 
volumes, breaks through with Br-. We obtained a retardation factor of 1.55 and a dispersivity of 
0.10 ± 0.03 cm for the Br- tracer (Table 3). Regarding the Hg released from the sorbent, we can 
observe (Figure 2) a difference between the duplicates in the total mercury concentration. 
 
3.1.3 ThiolSAMMS® Columns 
 
For the ThiolSAMMS® columns we observe (Figure 3) a similar trend between the 
prediction and observations of the tracer Br- experiment using CDE. For the CDE parameters we 
used the values (Table 3) of θ = 0.89, v = 7.14 cm hr-1 and T0 = 1.76. From the CDE we notice that 
ThiolSAMMS® has the lowest retardation factor of 1.40 and a dispersivity of 0.30 ± 0.06 cm for 
the Br- tracer (Table 3).  
 
We notice much higher retardation from the Hg released from the sorbent indicating a 
higher affinity of Hg with the sorbent and efficient removal of Hg. Mercury does not elute from 
the sorbent columns in the first six pore volumes. As in the sand columns, the CDE was not able 
to reproduce the unconventional shape of the Hg breakthrough curve. Therefore, retardation 











Figure 2: Comparing the mercury (Hg) breakthrough curve with the rate of bromide (Br) tracer for the sand 
columns. Note that both rates (Hg and Br-) were measured using pore volume (PV), which represents the volume 
eluted over the volume of solution from the column and CEff /CIn refers to the concentration of the Br- in the effluent 
over the initial concentration. 
 
 
               
Figure 3: Comparing the mercury (Hg) breakthrough curve with the rate of bromide (Br) tracer for the 
ThiolSAMMS® columns. Note that both rates (Hg and Br-) were measured using pore volume (PV), which 
represents the volume eluted over the volume of solution from the column and CEff /CIn refers to the concentration of 
the Br- in the effluent over the initial concentration. 
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3.1.4 Biochar Columns 
 
The biochar columns (Figure 4) demonstrate a slight difference in the total mercury 
concentration between the duplicate column effluents. We obtained a retardation factor of 1.64 
and a dispersivity of 0.34 ± 0.19 cm for the Br- tracer (Table 3). Even though there is retardation 
in the Br-, there was less retardation for the Hg released from the sorbent.  
 
3.1.5 SediMiteTM Columns 
 
In the SediMiteTM columns (Figure 5), the total mercury concentrations of the effluents 
show a similar pattern between the duplicates; they indicate a similar efficiency. From the CDE 
we can observe that the prediction of the tracer fits most of the observation points, the tracer 
experiment demonstrated minimal reaction with the sorbent. We obtained a retardation factor of 
1.70 and a dispersivity of 0.54 ± 0.12 cm for the Br- tracer (Table 3).  Even though there is 
retardation in the Br-, the release of Hg appears to be approximately at the same time as Br-.   
 
3.1.6 OrganoclayTM PM199 Columns 
 
The tracer Br was expected to be non-reactive with the sorbents, but the OrganoclayTM 
PM199 sorbed all of the Br- tracer. Within the first six pore volumes, there was Hg breakthrough 
for only one of the duplicates (Figure 6). We were not able to obtain any information from the 









Figure 4: Comparing the mercury (Hg) breakthrough curve with the rate of bromide (Br) tracer for the biochar 
columns. Note that both rates (Hg and Br-) were measured using pore volume (PV), which represents the volume 
eluted over the volume of solution from the column and CEff /CIn refers to the concentration of the Br- in the effluent 




Figure 5: Comparing the mercury (Hg) breakthrough curve with the rate of bromide (Br) tracer for the SediMiteTM 
columns. Note that both rates (Hg and Br-) were measured using pore volume (PV), which represents the volume 
eluted over the volume of solution from the column and CEff /CIn refers to the concentration of the Br- in the effluent 




Figure 6: Comparing the mercury (Hg) breakthrough curve with the rate of bromide (Br) tracer for the 
OrganoclayTM PM199 columns. Note that both rates (Hg and Br-) were measured using pore volume (PV), which 
represents the volume eluted over the volume of solution from the column and CEff /CIn refers to the concentration of 
the Br- in the effluent over the initial concentration. 
 
 
3.2 Extent of Hg Sorption  
 
These next set of figures demonstrates the amount of Hg released from the soil column, 
which also constituted the influent concentration of the sand/sorbent columns. The sand/sorbent 
curves represent the amount of Hg that eluted from the sand/sorbent columns. We calculated the 
area under each curve and then subtracted the sand/sorbent Hg mass from the soil Hg mass to 




For the sand columns, we observed (Figure 7 A and B) a slight difference in the Hg 
concentrations in the effluents of the soil versus sorbent columns. The sand columns exhibited a 
similar behavior between the two replicates, where the higher the Hg concentration in the soil 
column effluent, the higher the Hg concentration in the sand column effluent was observed. As it 
was expected for the controls, the average percentage of sorbed Hg to the sand columns was low, 
only 15.4% and 7.5% respectively, representing the low capacity of sand for retaining Hg (Table 
4). This result is consistent with the observed Hg elution profile showing that breakthrough was 























Hg sorbed to 
sorbent (pg 





D11 Sand (control) 3233 2735 498 15 15.4 
F12 Sand (control) 4491 4154 337 8 7.5 
A9 ThiolSAMMS® 4124 631 3494 503 84.7 
B10 ThiolSAMMS® 3458 386 3072 455 88.8 
E7 SediMiteTM 6379 2452 3927 578 61.6 
H8 SediMiteTM 7127 2709 4417 612 62.0 
G5 OrganoclayTM 
PM199 
7615 2230 5385 309 70.7 
C6 OrganoclayTM 
PM199 
9060 1694 7366 309 81.3 
D3 Biochar 14249 2148 12101 3636 84.9 











ThiolSAMMS® has a high affinity for soft, heavy metals (Johs et al., submitted) and a high 
saturation binding capacity. ThiolSAMMS® had the highest percentage of Hg sorbed; 84.7% and 
88.8%, respectively (Table 4). The breakthrough curves showed significant retardation since the 





Biochar is one of the most common sorbents used as a soil amendment because of its 
availability and low cost. We observed a higher difference in the Hg concentrations (Figure 9 A 
and B) between the effluents of the soil replicate columns with average concentrations of 815 
pg/mL and 467 pg/mL, respectively. This set of soil columns exhibits a large amount of variability 
in the Hg concentrations. The maximum concentration obtained was 1996 pg/mL for column A 
and 961 pg/mL for column B. The average percentage of sorbed Hg obtained in the biochar 
columns were 84.9% and 52.1%, respectively (Table 4).  
 
The high variability in the percentage of Hg sorbed is due to the very different amounts of 
Hg introduced into the biochar column. The column that removed 84.9% of the Hg was exposed 
to a higher concentration of Hg. The early Hg breakthrough curves demonstrate that a substantial 
fraction of Hg passed through the sorbent column without retardation (Figure 4) even though a 





































SediMite™ is designed for sediment amendments, and it consists of a mixture of 60% 
activated carbon, 20% bentonite and 20% sand. The percentage of sorbed Hg obtained in the 
SediMite™ columns was 61.6% and 62.0%, respectively (Table 4). SediMite™ exhibits a 
consistent amount of Hg removed and the Hg concentration being released from the soil was 
also very consistent (Figure 10). 
 
The duplicates of this sorbent follow the same trend and show good replicate 
behavior. Hg passed quickly after the first pore volume through the sorbent column showing a 
quick breakthrough of Hg (Figure 5) indicating that the removal of Hg was a slow process until it 
reached a plateau.   
 
3.2.5 OrganoclayTM PM 199 
 
OrganoclayTM PM199 is a granular adsorption media used effectively in removing oils, 
greases, non-aqueous phase liquids, and dissolved high molecular weight and low solubility 
organics. Once again, an inconsistency in the soil column effluent Hg concentrations was observed 
(Figure 11); most likely due to the heterogeneity of the soil. The fraction of Hg removed by the 
Organoclay PM199 columns was 81.3% and 70.7% (Table 4), variations likely due to the different 
Hg concentrations to which they were exposed. The Hg breakthrough curve demonstrates that the 
column with the higher percentage of Hg removed showed some retardation. In this case, the Hg 
breakthrough was only observed after seven pore volumes. On the other hand, in the column with 
the lower percentage of Hg removed, a breakthrough was obtained after three pore volumes (Figure 
6).  
 
Based on the results (Table 4) we can observe that none of the sorbents removed 100% of 
the Hg. ThiolSAMMS® showed the highest percentage removed with 84.7% and 88.8% for the 
duplicates. For biochar there is variability between the duplicates, having 84.9% and 52.1% 
percentage removed. SediMiteTM removed 61.6% and 62.0% of the total Hg concentration. 
OrganoclayTM PM199 had a 70.7% and 81.3% Hg removal for the duplicates. We noticed that 





































3.3 Solid Phase Analysis 
 
After the column experiments were completed, we performed a solid phase analysis using 
acid digestion, to compare the values obtained from the mass balance of the effluent solutions with 
measured Hg associated with the sorbents. The columns were divided into three sections (top, 
middle, and bottom), we collected and analyzed the duplicates of each section to understand the 
Hg distribution through the column.  
The sand columns had the lowest amount of Hg released from the sorbent, compared to the 
engineered sorbents. A maximum of 0.016 pg Hg/g sorbent was removed (Figure 12). Sand was 
used as a control for the sorbent columns, hence it also had the lowest percentage of Hg removed. 
The middle section of the column showed the highest amount of Hg released from the sorbent by 
aqua regia digestion.  
ThiolSAMMS® has the highest percentage of Hg removed, based on the mass balance for 
the solution phase. For the solid phase analysis with acid digestion, we notice (Figure 13) that the 
amount of Hg released from the sorbent is small, only 0.29 pg Hg/g sorbent was released. 
The biochar column had the highest amount of Hg released from the sorbent under aqua 
regia digestion. Based on the results (Figure 14), a maximum of 9.59 pg Hg/g sorbent was released. 
The bottom layer had the highest amount of Hg released. This section is the first one to be exposed 
to the Hg source.  
SediMiteTM columns exhibited a low amount of Hg released from the sorbent. Based on 
the results (Figure 15), a maximum of 0.45 pg Hg/g sorbent was released. The middle fraction had 
the highest amount of Hg released. We mixed sand with the sorbent to prevent any clogging due 
to the disaggregation of the SediMiteTM, and SediMiteTM was placed only in the middle of the 
columns.  
OrganoclayTM PM199 had the second highest amount of Hg released from the sorbent. A 
maximum of 1.75 pg Hg/g sorbent was released by aqua regia digestion (Figure 16). The highest 

























Figure 16: Mercury (Hg) released using aqua regia for the OrganoclayTM PM199 column 
 
 
3.4 Mechanism of Removal 
 
3.4.1 Dissolved Organic Matter and Specific Ultra Violet Absorbance 
 
 Interactions of Hg with organic and inorganic compounds, found in natural waters with 
Hg, influence the speciation and transformation of Hg. Dissolved organic matter (DOM) controls 
Hg speciation in low sulfide environments (Aiken et al., 2011). We evaluated the difference in the 
effluents to determine mechanisms of mercury uptake. Dissolved organic carbon was measured 
(Figure 17) in the effluent of all the soil and sorbent columns and was averaged over the entire 
experiment for each soil and sorbent column effluents. On average most of the sorbents showed a 
small decrease in the DOC concentration compared to the soils. Biochar and OrganoclayTM PM199 
showed statistical significance (p > 0.05) (Table 5) between the effluents of the sorbents (Figure 
17).  
The SUVA is an indicator of organic carbon aromaticity and serves as an indicator of the 
chemical composition of DOC (Weishaar et al., 2003). The mean concentration and standard 
deviation of SUVA in the soil and sorbent column effluents were measured (Figure 18). Biochar 
was the only sorbent that showed statistical significance between the effluents (p >0.05) (Table 5). 
In the sorbent column effluents, we observed an increase in the SUVA values even though the 
DOC values decreased. The higher the SUVA value, the more aromatic the DOM in our system 
is. This increase indicates that sorption of the aromatic DOM fraction occurred to a lesser extent 
compared to the non-aromatic fraction. The concentrations of metals (Al, Fe, Mn, and Si), pH, and 
anions (Cl-, SO4
2-, and NO3
-) in the sorbent column effluents did not change in comparison to 




Figure 17: Mean dissolved organic carbon (DOC) concentration in soil and sorbent effluents, with standard 




Figure 18: Mean Specific UV Absorbance (SUVA) concentration in soil and sorbent effluents, with standard 
deviations. Note that * refers to statistical significance, p<0.05. 
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Table 5: P-Values for dissolved organic carbon (DOC) and specific ultraviolet absorbance (SUVA) using a t-test, where p<0.05 represents a statistical 
significance 
Column Material DOC P-Value SUVA P-Value 
D11 Sand (control) 0.426 0.131 
F12 Sand (control) 0.717 0.827 
A9 ThiolSAMMS® 0.102 0.242 
B10 ThiolSAMMS® 0.627 0.983 
E7 SediMiteTM 0.513 0.256 
H8 SediMiteTM 0.870 0.499 
G5 OrganoclayTM PM199 0.040 0.059 
C6 OrganoclayTM PM199 0.422 0.343 
D3 Biochar 0.026 0.026 







Chapter IV: Discussion 
4.1 Rate of Hg Sorption  
 
Bromide (Br-) is a conservative tracer of water flow and is commonly used to evaluate the 
hydraulic properties in soil and water studies (Levy et al.,1987). Br- tracers were used to quantify 
the fundamental hydraulic properties such as dispersivity, retardation factor and mass transfer rate 
between the mobile and immobile sites of the columns. Even though engineered sorbents are 
designed to sorb solutes with high affinity, we expected minimal reactivity between the Br- and 
the sorbent materials. Further dispersivity values can determine if preferential flow, e.g., flow 
along the walls of the columns or bypass of sorbent media (Mayes et al., 2003).  A finding of 
preferential flow would imply that the Hg-containing influent solution bypassed some of the 
sorbent material, invalidating the rate and extent of sorption determined in this study. To confirm 
that preferential flow was minimal, we used the convection-dispersion equation (CDE) to calculate 
the dispersivity of each sorbent column (Tang et al. 2010). Dispersivity is a measurement of the 
rate of flow distribution through a system per unit length (Payne et al., 2008). This distribution is 
dependent on the bulk density of the sorbent. All our sorbent columns had a length of 9 cm, and 
the values obtained for the dispersivity of all the columns were less than 1 cm (Table 3) which 
implies preferential flow, e.g., flow along the walls of the columns, was minimal during the 
experiment. 
The convective-dispersive equation CDE results (Table 3) confirmed that Br- transport 
through most of the sorbent columns had a minimal retardation factor. The retardation factor 
represents the reduction in the velocity of the mass of a constituent, Br- in our study, due to the 
sorption to the sorbent material. ThiolSAMMS® and SediMite™ showed the lowest and highest 
retardation factors, 1.40 and 1.70, respectively. OrganoclayTM PM199, however, retained a 
substantial fraction of the added Br-. Therefore the hydraulic properties of this sorbent could not 
be determined. 
In many cases, including biochar, SediMiteTM, and sand, Hg breakthrough coincided with 
Br-, indicating limited sorption of Hg. Unfortunately, much greater sample volumes were required 
for analysis of breakthrough curves for Hg compared to the Br- tracer and the experiments did not 
result in a sufficient number of samples to use the CDE to calculate the retardation of Hg. Thus, 
our determination of the retardation of Hg is qualitative. However, for biochar and SediMiteTM 
sorbents, Hg breakthrough occurred before the Br- breakthrough (Figures 1-4). These results 
demonstrate that these sorbents did not slow the release of Hg. The almost immediate release of 
Hg from the sorbent columns illustrates that the sorbent could not sorb all of the Hg to which it 
was exposed. Based on dispersivity values, it is unlikely that the limited retardation of Hg is a 
result of preferential flow. The results demonstrate that the sorbents tested in this study did not 
effectively slow the rate of transport of Hg, with the notable exception of ThiolSAMMS®. Hg 
breakthrough for ThiolSAMMS® between duplicates occurred after 7 and 70 pore volumes (Figure 
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9), respectively. For the other sorbents, Hg breakthrough occurred within the first three pore 
volumes (Figure 1-5). 
 
4.2 Extent of Hg Removal  
 
By comparing the area under the soil and sorbent breakthrough curves, we were able to 
obtain a mass balance to determine the extent of Hg removal for all the sorbent columns. The area 
under the Hg breakthrough curve of the soil effluents constituted the total amount of Hg that 
entered the sorbent column. Thus the difference between the two areas corresponds to the Hg 
removed by the sorbent. The results (Table 4) from the mass balance showed that none of the 
sorbents were able to remove 100% of the Hg. Applied ThiolSAMMS® showed the highest 
percentage removed with 84.7% and 88.8% between duplicates. SediMiteTM removed 62% in 
duplicates, and OrganoclayTM PM199 removed a total of 71% and 81% of Hg, respectively. A 
higher variability between the duplicates was observed for biochar, with 84.9% and 52.1% 
removed. The variability observed between the duplicates of our biochar columns is likely due to 
the heterogeneity of the soil columns which served as a source of Hg.  We noticed that the biochar 
column that removed a higher percentage of Hg was also exposed to a higher concentration of Hg. 
This behavior was observed in the column study (Desrochers, 2013), where the capacity of the 
sorbent for Hg uptake was also a function of the initial Hg concentration to which they were 
exposed. The columns containing quartz sand removed 15.4% and 7.5%, respectively.  
 
A similar experiment was performed by Paulson (2014) using Hg-contaminated sediment 
from South River, Virginia (USA) in a column study to determine the potential of biochar as a 
sorbent. Their biochar column dimension was 14.6 cm length and 3.81 cm ID while our biochar 
column was 9 cm in length and had an ID of 2 cm. After a period of 1.4 years, with a flow rate of 
1.8 mL/hr, which was significantly higher than our flow rate of 20 mL/hr, they observed a decrease 
in the Hg concentration from 399 ng/L ± 91 to < 6.2 ng/L ± 1.9, suggested that biochar was able 
to remove >98% of the dissolved Hg concentration. The biochar material used for the Paulson 
(2014) experiment had a higher percentage of Hg removed than the one used in our experiment. 
This difference in the effectiveness of the sorbent is due to the biochar used. For the Paulson (2014) 
columns, cowboy charcoal used, which is produced from the pyrolysis (> 500 ̊ C) of oak and maple 
hardwoods crushed to < 2 mm. The biochar used in our experiment was prepared using a pyrolysis 
process at 650˚C from Colorado pine softwood. The grain size of the biochar may contribute to 
differences in sorption capacities. The ability of biochars to remove heavy metals are governed by 
the pore size and the surface area of the particle, which is defined by the properties of the feedstock 
(hardwood vs. softwood) used and the temperature of the pyrolysis process (Park et al., 2011). The 
grain size of our pine biochar ranged from 3 mm to 26 mm while the grain size of cowboy charcoal 
was < 2 mm. It is expected to remove a higher percentage of Hg with a smaller particle size 
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(representing a larger surface area for the Hg to be sorbed), hence the difference in the 
effectiveness of our biochar and Paulson’s (2014).  
The effectiveness of the sorbents in this experiment was determined based on the 
percentage of Hg removed obtained from the mass balance. Another measurement for the 
effectiveness of the sorbent is the equilibrium partition coefficient (KD) that indicates the amount 
of Hg that can be removed under specific system conditions (Johs et a., submitted). A series of 
batch experiments determined KD for the removal of Hg for the sorbents used in the present study 
(Johs et al., submitted). Higher KD values indicate higher removal efficiency of the sorbent to 
remove Hg. ThiolSAMMS® had the highest percentage of Hg removed from the sorbent columns, 
and ThiolSAMMS® had the highest KD in the batch experiment (Johs et al., submitted). Based on 
the results from the batch experiment the effectiveness of the sorbents can be ranked from 
ThiolSAMMS®, biochar, SedMiteTM, and OrganoclayTM PM199. From the column experiment, the 
order of effectiveness was ThiolSAMMS®, OrganoclayTM PM199, biochar, and SedMiteTM. Based 
on the results (Figures 7-11) we observe that the Hg concentration in the effluent of the sorbent 
columns never reached the Hg concentration in the effluent of the soil columns. Results indicate 
that all of the sorbents were able to remove Hg to a certain extent during a short period (~1 month). 
For us to know how long it will take for the sorbent to be saturated, we will need to conduct a 
long-term experiment.  
 
 4.3 Solid Phase Analysis  
 
The hypothesis posed for this experiment was that the mercury released from the soil 
column would be captured on the sorbent column until the sorbent reaches its maximum capacity. 
The breakthrough of Hg from all sorbents columns shows that our hypothesis was not validated. 
The solid phase analysis would determine where in the sorbent column the Hg could be 
found. Samples were digested in aqua regia (Bloom et al., 2003), and we noticed that the bottom 
part of the columns is where the highest concentration of Hg was found (Figures 12-16). Similar 
results were obtained in experiments with biochar columns (Paulson, 2014), where higher Hg 
concentrations were present in the first 2 cm of the column matrix. SediMiteTM was the only 
sorbent who showed a higher concentration in the middle section due to the sorbent being 
emplaced in the middle section of the column. 
 
Comparing the results from the mass balance (Table 4) with the acid digestion (Figures 12-
16), we suspect that we were not able to remove all the mercury from the sorbent with aqua regia. 
ThiolSAMMS® had a total of 455 pg Hg/g sorbent from the mass balance. For the solid phase, we 
were able to remove only 0.29 pg Hg/g sorbent. For biochar, we obtained 1118 pg Hg/g sorbent 
and 9.59 pg Hg/g sorbent for mass balance and acid digestion, respectively. There are two possible 
explanations for the difference between the mass balance and the aqua regia digest. The acid 
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digestion might have been incomplete since the procedure was designed for sediment extractions 
(Bloom et al., 2003). Paulson (2014) conducted their acid digestion for three days while our 
digestion was only one day. We noticed that after one day of digestion we still had residue of the 
sorbent, which could indicate that the digestion was incomplete. The second possible reason for 
the differences in Hg concentrations is the heterogeneous distribution of Hg in the sorbent material 
(Paulson, 2014). We collected only two samples of 0.4 g from each section, so it is also possible 
that we were not able to find all the Hg because the Hg was not evenly distributed in each section. 
We should have analyzed more subsamples of the sections and materials. The amount of sorbed 
Hg that can be removed from the sorbent using acid digestion depends on the affinity of the sorbent 
material with Hg complex.  
 
4.4 Mechanism of Hg Removal 
 
We evaluated the difference in the effluents of the soil and sorbent columns to examine 
potential mechanisms of mercury uptake. Measurement of pH, anions (Cl-, SO4
2-, NO3
-) and metals 
(Al, Fe, Mn, and Si) concentrations were analyzed. Based on our results there were no changes in 
the pH, anions, or metals (results not shown). Results suggest that the sorbents did not react with 
any of these compounds of the influent solution. 
Organic and inorganic compounds found in natural waters will influence the speciation and 
transformation of Hg. Dissolved organic matter (DOM) controls Hg speciation in low sulfide 
environments (Aiken et al., 2011). Complexes of Hg with DOM and their interactions with mineral 
surfaces (Jiskra et al., 2014) control mercury bioavailability to microorganisms (Chiasson-Gould 
et al., 2014, Graham et al., 2012) and mediates redox conditions and photochemical reactions (Gu 
et al., 2011, Zheng et al., 2012). The formation of strong complexes between mercury and DOM 
is a critical reaction that facilitates the mobility of mercury from natural and contaminated soils 
and sediments into streams, lakes, and groundwater (Ravichandran et al., 1998). Up to 95% of the 
divalent mercury species can bind to organic matter (Meili et al., 1997). In previous batch studies 
(Gonez-Rodriguez et al., unpublished data), we used three different solutions: artificial creek water 
(ACW) which had no organic matter or Hg present in the solution, ACW with 1 mg/L DOM, and 
Hinds Creek water with low levels of DOM and Hg to compare how Hg reactions with soil were 
affected by the chemistry of the water. We observed a higher concentration of leached Hg using 
the solution with a higher concentration of DOM, indicating the high affinity of Hg-DOM 
complex. The higher amount of DOM present in the system facilitates the mobilization of Hg, 
which was also observed in Johs et al., (submitted).  
The interaction between Hg (II) and DOM is due to strong complexation with reduced 
sulfur (thiol) functional groups in DOM (Dong et al., 2011, Skyllberg et al., 2008). Therefore, we 
wanted to see if there were any differences in DOC concentrations entering and exiting the sorbent 
column, as a potential indicator of Hg speciation. After comparing DOC concentrations of the soil 
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and sorbent effluents, we observed a difference between the effluents for biochar and 
OrganoclayTM PM199 (Figure 17). On average most of the sorbent effluents showed a small 
decrease in the DOC concentration compared to the sorbent influents. An explanation for the 
decrease in DOC is that it was sorbed to the sorbents. It is also possible that microbes consumed 
DOC. The DOC may or may not have been associated with Hg.  
Specific ultraviolet absorbance (SUVA) is defined as the UV absorbance at a wavelength 
of 254 nm of a water sample that is normalized by its DOC concentration. The SUVA is an 
indicator of organic carbon aromaticity (Weishaar et al., 2003). A comparison of measured SUVA 
values at 254 nm using carbon-13 nuclear magnetic resonance (13C NMR) for organic matter 
isolates showed a strong correlation of SUVA with the percent of carbon aromaticity. SUVA 
predicts general chemical properties of DOC, but it does not provide information about the 
reactivity of DOC (Weishaar et al., 2003). SUVA has been used for the characterization of Hg 
mobilization into surface waters from source areas (Burns et al., 2013). The association of Hg with 
DOM is typically strong in surface waters. 
For this reason, SUVA may correlate with Hg concentrations in some environments and 
can be used as a proxy for dissolved Hg (Dittman et al. 2009). We conducted SUVA analysis for 
our soil and sorbent columns effluent and found differences between the effluents of the biochar 
columns but no difference in any other columns (Table 5). Results might suggest that the biochar 
selectively removed some aromatic compounds, but we cannot tell if Hg is associated with 
aromatics or not. 
We observed a general increase in the SUVA values as the DOC values decreased. The 
higher the SUVA value, the more aromatics present in the DOM. The observed increase indicates 
that sorption of the aromatic DOM fraction occurred to a lesser extent compared to the non-
aromatic fraction. It is not clear if the changes in aromatic Hg-DOC transport from the soil to 
sorbent columns also affected Hg. It was previously shown that measurements of SUVA values 
are affected by the pH of the system and nitrate concentrations (Weishaar et al., 2003). However, 
in our system, we detected no changes in the pH or nitrate concentrations (results not shown). The 
concentrations of other metals (Al, Fe, Mn, and Si) and anions (Cl-, SO4
2-, NO3
-) did not change in 
comparison to the initial conditions (Table 2) (results not shown). Because the changes in DOC 









Chapter V: Conclusion 
 
As a global environmental pollutant, Hg threatens our water resources and presents a 
substantial risk to human health. The goal of this research project was to evaluate the 
immobilization of Hg on engineered sorbents to reduce ambient Hg concentrations in water 
leaching from contaminated East Fork Poplar Creek (EFPC) soils. We determined the potential of 
different kinds of engineered sorbents (i.e., ThiolSAMMS®, biochar, SediMiteTM, OrganoclayTM 
PM199) to reduce mercury fluxes. The effectiveness of the sorbents was determined based on the 
percentage of Hg removed. All the sorbents removed Hg to a certain extent, but none removed 
100% of the Hg to which they were exposed. From all the evaluated sorbents, ThiolSAMMS® 
showed the highest percentage of Hg removed (87%). A non-reactive Br- tracer experiment was 
conducted to determine the hydraulic properties of the sorbent columns and to ensure that no 
preferential flow occurred. There was no preferential flow based on the results from the Br- tracer 
experiment; thus the rate of Hg transport is due to sorbent properties. Br- was also applied to 
qualitatively determine how quickly Hg breaks through the sorbent columns, most of the sorbents 
had a Hg breakthrough within the first 3 pore volume. ThiolSAMMS® was the only sorbent that 
showed retardation on the Hg breakthrough curve. To evaluate the mechanisms for the Hg uptake 
by the sorbents, we compared pH, anions, metals, DOC and SUVA. Between the influents and 
effluents of the sorbent columns, we identified only a small difference in DOC for biochar and 
OrganoclayTM PM199 and a small difference in SUVA for biochar. These results indicated that 
these sorbents absorbed some of the DOC fraction. It is unclear if changes in DOC or SUVA were 
related to Hg. Due to minimal changes between influent and effluent, the mechanism of Hg 
removal in these experiments remains uncertain. We were able to investigate the potential of 
different engineered sorbents to reduce the mercury fluxes from contaminated EFPC soils. After 
completing this set of experiments we now have a better understanding of which sorbent could be 
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